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lead-contaminated soils.  Reaction between labile lead 
phases and dissolved phosphate is rapid over a wide range 
of pH and P/Pb molar ratios and results in the formation of 
insoluble chloropyromorphite (Zhang and Ryan, 1999).

Adsorption

Adsorption of trace metals, such as lead onto oxide sur-
faces, has been well characterized in lab-based studies 
(e.g., Hayes and Leckie, 1986).  Adsorption at mineral 
surfaces results from a set of chemical reactions between 
lead and various surface sites (Dzombak and Morel, 1990).  
Most of these reactions involve the release of H+ ions, 
which accounts for the strong dependence of adsorption 
on pH.  Hydrous ferric oxide (HFO) is of particular interest 
because it is found at many contaminated sites and could 
play a major role in governing the mobility of lead, other 
metals, and metalloids (e.g., Trivedi et al., 2003; Dyer et al., 
2003).  Lead adsorbs more strongly onto HFO compared to 
most other divalent metal ions (Dzombak and Morel, 1990); 
the same is true for other ferric oxides, hydrous oxides, 
aluminum oxides, oxyhydroxides, clay minerals, and poorly 
ordered Fe- and Al-containing hydroxypolymer coatings on 
natural aquifer sediments (Sposito, 1984; Coston et al., 
1995; O’Reilly and Hochella, 2003).

Long-term lab studies typically indicate that adsorption 
occurs in two steps: i) rapid initial surface sorption or ex-
change followed by, ii) continued but slow metal uptake.  
Ainsworth et al. (1994) reported on long-term aging studies 
of lead onto HFO.  Consistent with previous investigations, 
they found that the adsorption of lead onto HFO increased 
sharply from 0 to 100% as pH increased from 3 to 6.  The 
pH at which 50% of the lead was associated with the 
HFO surface was 4.7.  The sorption behavior of lead onto 
HFO was found to be independent of time from 0 to 21 
weeks of aging.  In addition, desorption of lead from aged 
HFO exhibited no hysteresis with the adsorption pH edge 
developed from non-aged HFO.  Ainsworth et al. (1994) 
concluded that the lead adsorption-desorption process is 
completely reversible with time and that there was no indi-
cation that lead was being incorporated into the HFO solid 
during aging.  The process of recrystallization or aging may 
in fact result in the net loss of available sorption sites due 
to surface area reductions and may drive lead desorption 
(e.g., Ford et al., 1997).

Results of a series of laboratory experiments, which in-
cluded studies of lead transport through columns packed 
with soil, were consistent with these concepts.  Experiments 
showed that lead mobility decreased with increasing pH; 
lead adsorption resulted in decreases in pH, which, in 
turn, increased lead mobility; and, lead adsorption onto the 
soil was fast and reversible on the time-scale of transport 
(Papini et al., 1999).

Molecular studies of lead sorption onto hydrous ferric ox-
ide show that Pb(II) ions associate with the iron hydroxide 
surface mainly as inner-sphere complexes (Trivedi et al., 
2003).  For most of the iron oxides, edge-sharing bidentate 
complexes are dominant at pH>5 over a wide range of ad-
sorbate concentrations (e.g., Bargar et al., 1997; Manceau 

et al., 1992).  Rouff et al. (2004) reached similar conclusions 
regarding lead sorption at the calcite-water interface.  How-
ever, at higher initial concentrations of lead (4-12 mg L-1), 
precipitation of lead carbonate dominates lead partitioning 
in the solid phase (Rouff et al., 2004).

Although lead adsorption in laboratory-based studies may 
be completely reversible, uptake of lead in natural systems 
is often substantially irreversible.   Coughtrey et al. (1986) 
reviewed soil measurements and suggested that only 50% 
of lead in soil was exchangeable. Others have noted sub-
stantially lower exchangeable fractions (see, e.g., Wang et 
al., 1995; Brady et al., 1999).   

Adsorption of iron can influence the mobility of Pb even 
in the presence of strong complexing ligands like EDTA.  
Results of a transport experiment conducted in a mildly 
acidic, quartz-sand aquifer showed that Pb was displaced 
from EDTA complexes by Fe(III) dissolved from aquifer sedi-
ments over short transport distances (Davis et al., 2000).  
Even though Pb forms strong complexes with EDTA, strong 
adsorption of Pb at oxide surfaces enhances the thermody-
namic driving force for displacement from EDTA complexes 
at mildly acidic pH values.  However, decreasing solubility 
of Fe oxides with increasing pH decreases the affinity of 
the displacement reaction with increasing pH so that at pH 
values greater than 8 the reaction is unfavorable (Xue et al., 
1995; Nowack et al., 2001).  Lead was also displaced from 
EDTA complexes by Zn desorbed from Zn-contaminated 
sediments (Davis et al., 2000).  These types of reactions 
may limit the extent to which complexing ligands enhance 
the transport of Pb in contaminated systems.

In reducing systems, adsorption of lead to iron sulfide sur-
faces is possible.  Jean and Bancroft (1986) investigated 
the pH-dependent adsorption behavior of Pb on several 
iron sulfide minerals and found that the pH at which 50% 
of the lead was associated with the pyrite (FeS2) surface 
was about 6.0.  They suggested that the observed adsorp-
tion behavior is controlled by the hydrolysis of Pb2+ ions, 
whereby hydrolyzed species sorb directly on sulfide surface 
groups as a monolayer.

Lead adsorption onto or co-precipitation with amorphous 
FeS may be extensive in reducing systems.  Experimental 
studies suggest that a significant fraction of the Fe in freshly 
precipitated FeS may be replaced rapidly by metal ions like 
Pb that form less soluble sulfides (Phillips and Kraus, 1965; 
Caletka et al., 1975; Coles et al., 2000).

Redox Chemistry

In natural systems lead is present in the +2 oxidation state 
over relevant conditions of pH and oxidation-reduction po-
tential.  Reduction of Pb2+ to metallic lead is expected to 
occur at redox potentials below the stability field of water at 
pH<6.  The oxidized form of lead (Pb(IV)) is not expected 
in air-saturated solutions based on thermodynamic rea-
soning.  However, the mineral plattnerite (PbO2) occurs in 
some natural systems and is associated with other oxida-
tion products such as cerussite and pyromorphite (e.g., 
Yeates and Ayres, 1892; see Figure 2.3).  In general, the 
geochemical transport processes of lead are not directly 
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tied to redox conditions.  However, because lead may form 
stable precipitates with redox-sensitive elements such as 
sulfur, lead mobility is indirectly tied to redox conditions.  In 
sulfate-reducing systems, lead is expected to form insoluble 
PbS precipitates.  In moderately reducing but non-sulfidic 
systems, however, reductive dissolution of hydrous ferric 
oxides that contain adsorbed lead could result in lead 
mobilization.

Colloidal Transport

The transport of lead in particulate forms can be significant 
in ground water and surface water systems.  Colloids are 
generally considered to be particles with diameters less 
than 10 micrometers (Stumm and Morgan, 1996).  Colloidal 
particles can be present as mineral or organic forms.  For 
the special case of lead sorbed to colloidal hydrous ferric 
oxides, changes in geochemical regimes may either favor 
increased lead sorption or desorption.  Increases in lead 
sorption may result from increases in pH or Eh.  Conversely, 
decreases in pH or Eh may result in lead remobilization.  
Decreases in the ionic strength of the aqueous phase can 
enhance colloidal stability and promote lead transport, 
whereas increases in ionic strength can promote colloid 
aggregation and removal from the aqueous phase.

Site Characterization

Lead mobility in ground water is governed by the total con-
centration of lead, the distribution of lead species in water, 
and the nature of lead partitioning in the solid phase.  The 
development of site-conceptual models for predicting the 
long-term fate of lead at a contaminated site will require 
information on the distribution and concentration of lead in 
the aqueous phase and the solid phase.  Table 2.1 indicates 
possible natural attenuation and mobilization pathways 
for lead.  Details of the types of analytical measurements 
that may be conducted on sampled ground water and 
aquifer sediments to assist in identifying the attenuation 
mechanism(s) are discussed in the following paragraphs.

Aqueous Measurements

Quantitative measurement of lead concentrations in aque-
ous solutions is typically carried out using inductively 
coupled plasma atomic emission spectroscopy (ICP-AES), 
inductively coupled plasma mass spectroscopy (ICP-MS), 
or atomic absorption spectroscopy (AAS).  Input data to 
geochemical codes (e.g., MINTEQA2, PHREEQC, EQ3/6) 
for determining aqueous speciation also require, at a 
minimum, concentrations of major anions, major cations, 
dissolved organic carbon, temperature, and pH.  In addi-
tion, while regulatory requirements stipulate that unfiltered 
ground-water samples be analyzed to support regulatory 
decisions at a contaminated site, it may be necessary to 
also collect filtered samples to help define the process(es) 
controlling contaminant mobility.  The use of 0.45 μm pore 
size filters is common as an arbitrary cutoff point to dif-
ferentiate between dissolved and particulate phases in 
water samples.  However, caution is recommended when 
using this approach, particularly for Fe and Al and other 
elements that may be associated with Fe or Al particles 
(including Pb) that could pass through 0.45 μm filters.  The 
use of filters with pore sizes less than 0.1 μm will generally 
provide a better assessment of the dissolved vs. particulate 
load in ground water.

Solid Phase Measurements

The implementation of an analytical approach to identify 
lead speciation in aquifer sediments is a challenging pro-
cess.  The accuracy of the analytical finding is dependent 
on the method of sample collection/preservation and the 
tools used to identify the mechanism of lead partitioning.  It 
is recommended that the analytical protocol be designed to 
address the potential redox sensitivity of the solid phase(s) 
to which lead may be partitioned (e.g., sulfides in reduced 
sediments).  Tools to evaluate the mechanism of lead 
solid phase partitioning range in complexity from relatively 
simple chemical extractions to advanced spectroscopic 
techniques.

Table 2.1 	 Natural attenuation and mobilization pathways for lead.

Attenuation Processes Mobilization Processes Characterization Approach

Precipitation of insoluble car-
bonates, sulfides, sulfates, and 
phosphates.  In general, pH>8 
will drive precipitation reactions 
resulting in Pb concentrations 
to below the MCL.

Dissolution of carbonates at 
low pH; oxidative dissolution of 
sulfides at low pH and high Eh; 
complexation/stabilization in the 
presence of DOC.

Evaluation of lead speciation in the aqueous 
phase.  Determination of total Pb in the solid 
matrix.  Evaluation of solid phase partition-
ing using sequential extraction methodologies.  
Evaluation of long-term capacity.

Sorption to iron hydroxides 
(reversible), organic matter, 
carbonates, sulfides (pH>5).

Desorption at low pH; com-
plexation/stabilization in the 
presence of DOC.  Reductive 
dissolution of iron hydroxides.

Evaluation of lead speciation in the aqueous 
phase.  Determination of total Pb in the solid 
matrix.  Evaluation of solid phase partition-
ing using sequential extraction methodologies.  
Batch and column testing to determine Pb up-
take capacity of site-specific aquifer materials 
with variable geochemical conditions.
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The total concentration of lead in soils, sediments, and 
aquifer materials may be determined by X-ray fluorescence 
spectroscopy (XRF), or by ICP-AES after digestion in 
mineral acids.  A variety of digestion or extraction methods 
can be found in the literature (Amacher, 1996).  Neutron 
activation analysis is not commonly employed due to the 
scarcity of neutron sources required to irradiate the sample.  
X-ray fluorescence is the most attractive approach due 
to the relative ease of sample preparation, which may be 
conducted with the sample in its original state or following 
fusion with lithium metaborate.  When combined with the 
determination of other major or trace elements in the solid 
sample, this provides an initial step for assessing possible 
association of lead with various solid phase components.  
This type of analysis can be conducted on the bulk sample 
as well as at a microscopic level using wavelength (electron 
microprobe) or energy dispersive spectroscopy coupled to a 
scanning or transmission electron microscope.  Microscopic 
examination allows one to better differentiate whether lead 
may be distributed across a number of different mineral 
phases within the solid sample or primarily associated with 
a discrete phase.  There are limitations to this approach 
(Pye, 2004), a significant one being that the analysis does 
not necessarily provide unique mineral identification ne-
cessitating the collection of supporting mineralogical and 
chemical data.

More detailed information on the specific partitioning 
mechanism(s) controlling lead solid phase speciation is 
typically required to adequately support site assessment 
for potential reliance on natural attenuation as part of a site 
remedy. There have been many applications of sequential 
extraction schemes to assess the speciation of solid phase 
lead (e.g., Tessier et al., 1979; Harrington et al., 1998; 
Sutherland, 2002; Zänker et al., 2002; Buanuam et al., 
2006).  As discussed in the cited reports, sequential extrac-
tion methods provide a useful tool to assist in determining 
the chemical speciation of trace metals in soils/sediments, 
but essentially all documented methods show analytical 
limitations in selectively extracting lead and other metals 
associated with specific solid components (e.g., Scheckel et 
al., 2003).  Design and application of extraction procedures 
should take into account the chemical behavior of lead 
relative to potential analytical bias that may be introduced 
by the extraction chemistry.  For example, due to its low 
solubility, lead carbonate would be anticipated to form dur-
ing extractions conducted using solutions with pH buffered 
by an excess of dissolved bicarbonate-carbonate.   

Where feasible, it is recommended that complimentary 
analytical techniques be employed to confirm the accu-
racy of lead speciation (e.g., O’Day et al., 1998; O’Day et 
al., 2000; Carroll et al., 2002; D’Amore et al., 2005) or the 
accuracy of the extraction of a targeted phase(es) for a 
given extractant (e.g., Shannon and White, 1991; Ngiam 
and Lim, 2001; Peltier et al., 2005).  As an example, Peltier 
et al. (2005) have demonstrated that a common extraction 
method employed to target metals associated with easily 
reducible iron (hydr)oxides may also dissolve iron sulfides 
that may be present.  The results from this analysis may 
lead to misidentification of a lead association with iron 

(hydr)oxides, resulting in the development of a conceptual 
site model that misrepresents the site-specific attenua-
tion process.  Under reducing conditions, it is also critical 
that aquifer sediments be sampled and processed in a 
manner that prevents exposure to oxygen prior to extrac-
tion in order to limit oxidation of reduced minerals (e.g., 
iron sulfides) that may host lead.  Lead associated with a 
sulfidic phase in sediments has been shown to repartition 
to more extractable phases upon oxidation (Saeki et al., 
1993; Cauwenberg and Maes, 1997).  Determination of the 
host mineral phase(es) dissolved for each extraction step 
is recommended, along with the use of surrogate Pb-bear-
ing phases spiked into the sediment to confirm accuracy 
of the procedure (e.g., Rudd et al., 1988).  The choice of 
appropriate lead surrogate phases would be governed by 
site-specific geochemical conditions or characterization of 
the mineralogy of the aquifer sediment.

Pb Isotopes

Information about the source of lead contamination at a 
given site can be gained using isotopic analysis, particu-
larly by examining the ratios 206Pb/204Pb, 207Pb/204Pb, and 
208Pb/204Pb (Emmanuel and Erel, 2002).  As an example, 
Chow and Johnstone (1965) reported isotope ratios of lead 
extracted from gasoline (purchased in 1965).  Their data 
demonstrated the similarity of the isotope compositions of 
lead in gasoline, airborne particles in Los Angeles, and 
snow from Lassen Volcanic Park.  The study showed that 
lead in the air and snow in California in the 1960’s originated 
from fuel combustion exhaust.  Gulson et al. (1981) analyzed 
the lead isotopic composition of soils in South Australia to 
identify the source of lead contamination.  By analyzing 
and comparing isotope ratios they determined that orchard 
sprays, power stations, and smelters were not the principal 
source of lead contamination, rather lead contamination 
was again derived from tetraethyl lead in gasoline.

Long-term Stability and Capacity

The stability of attenuated lead will depend on the temporal 
stability of site geochemical conditions.  For example, if lead 
attenuation follows a lead sulfide precipitation pathway, then 
long-term stability of attenuated lead may depend on the 
persistence of reducing conditions.  It is therefore critical to 
understand attenuation mechanism(s) so that geochemical 
triggers for remobilization can be anticipated and incorpo-
rated into evaluations of long-term monitoring data.  For any 
proposed and identified attenuation mechanism, there will 
exist possible scenarios whereby remobilization could occur 
(i.e., changes in pH or Eh).  It will be essential to explore the 
likelihood of such changes in prevailing site geochemistry 
and the sensitivity of the attenuation pathway to changes 
in the prevailing geochemical conditions.

Quantifying the attenuation capacity (as defined in Volume 
1) will also require an understanding of the specific attenu-
ation pathway(s).  Attenuation capacity, for example, could 
be related to the extent that pH is buffered, the availability 
of sorptive sites in aquifer materials, or to the supply of 
electron donors needed to sustain microbially mediated re-
dox conditions.  For any proposed attenuation mechanism, 
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there will be assumptions built into capacity estimations, 
so it is recommended that uncertainty analysis accompany 
capacity estimates.  

Tiered Analysis

Determination of the viability of lead remediation in ground 
water via monitored natural attenuation will depend upon 
proper assessment of contaminant loading to the aquifer 
and prevailing geochemistry and mineralogy within the 
contaminant plume and the down gradient zone prior to 
the point(s) of compliance.  MNA may not be appropri-
ate as a site remedy for lead contamination in acidic to 
circum-neutral pH, highly oxidizing, and/or DOC-rich envi-
ronments.  The goal of site assessment is to demonstrate 
the process(es) controlling lead sequestration onto aquifer 
solids and the long-term stability of solid phase lead as a 
function of existing and anticipated ground-water chemistry.  
The following tiered analysis structure for site characteriza-
tion provides an approach to evaluate candidate sites and 
define the potential limitations of MNA as part of a remedy 
for ground-water cleanup.

Tier I - Site characterization under Tier I will involve dem-
onstration that the plume is static or shrinking, has not 
reached compliance boundaries, and does not impact 
existing water supplies.  Once this is established through 
ground-water characterization, evidence is collected to 
demonstrate Pb partitioning to aquifer solids within the 
plume.  Rapid movement of contaminants along preferred 
flow paths in the unsaturated and saturated zones can by 
induced by hydrologic events such as heavy rains.  It will be 
important to determine that such hydrogeologic features do 
not result in contaminants bypassing zones where natural 
attenuation is occurring.  If natural attenuation processes 
are active throughout the plume, then there should be an 
observed increase in solid phase concentrations within 
regions of the plume with higher aqueous concentrations, 
e.g., near the source term.  This field partitioning data 
may be supplemented by geochemical modeling that in-
corporates measured water chemistry (e.g., pH, Eh, and 
major ion chemistry) throughout the plume to assess the 
potential for solubility control by a lead precipitate such 
as a carbonate/phosphate or sulfide phase.  Identifica-
tion of active sequestration to prevent lead migration in 
ground-water provides justification for proceeding to Tier 
II characterization efforts.  

Tier II -  Under Tier II, the apparent rate and mechanism(s) 
of attenuation are determined.  Estimates of a site attenu-
ation rate(s) can be assessed via a well transect along 
the ground-water flow path.  In addition, time-series data 
may be collected at one or more monitoring points within 
the plume.  This information will allow assessment of the 
relative timescales for contaminant immobilization and fluid 
transport and determination of whether remediation objec-
tives can be met within the required regulatory time frame.  
In addition, the mechanism(s) for attenuation need to be 
identified under this stage of site characterization.  This 
effort may require determination of the chemical speciation 
of aqueous and solid phase Pb, which may be approached 
according to the following scheme:

1)	 Determination of lead solution speciation via di-
rect analytical measurements in combination with 
speciation calculations based on characterized 
ground-water chemistry;

2)	 Calculation of the saturation state of ground water 
relative to measured aqueous chemistry compli-
mented by the possible isolation of discrete Pb 
mineral phases via density separations (or other 
schemes) in regions of the aquifer with highest 
solid phase concentrations;

3)	 Determination of aquifer mineralogy to determine 
the relative abundance of components with docu-
mented capacity for Pb sorption (e.g., Amonette, 
2002);

4)	 Identification of lead association(s) with the 
various solid phase components of aquifer solids 
through combination of chemical extractions with 
microscopic/spectroscopic confirmation of phase 
associations, and;

5)	 Demonstration of concurrence between the site 
conceptual model and mathematical model(s) that 
describe lead removal mechanism(s).

It is recommended that identification of lead chemical spe-
ciation in aqueous and solid matrices be conducted using 
samples collected in a manner that preserves the in-situ 
distribution of dissolved lead and mineralogy and prevents 
loss of lead from aqueous samples (e.g., due to oxidation 
and precipitation of ferrous iron in anoxic ground water).  
The demonstration of concurrence between conceptual and 
mathematical models describing lead transport will entail 
development of site-specific parameterization of the chemi-
cal processes controlling lead solid phase partitioning.

Tier III - Once the partitioning mechanism(s) have been 
identified for the site, the subsequent characterization effort 
under Tier III will involve determination of the stability of 
immobilized Pb and the capacity of the aquifer to sustain 
continued uptake.  It is recommended that the stability of 
immobilized Pb be tested based on the anticipated evolution 
of ground-water chemistry concurrent with plume shrinkage.  
For example, changes in ground-water pH can exert a sig-
nificant influence on Pb adsorption or precipitate solubility.  
Therefore, it is recommended that sediment leach tests be 
conducted to characterize the magnitude of Pb mobilization 
as a function of pH for a ground-water chemistry representa-
tive of site conditions.  It is recommended that the capacity 
for Pb uptake onto aquifer solids be determined relative to 
the specific mechanism(s) identified in Tier II.  For example, 
if site characterization under Tier II indicated that precipita-
tion of Pb sulfide due to microbial degradation of organic 
compounds coupled with sulfate reduction occurs within the 
aquifer, then it is recommended that the mass distribution 
of organic carbon and sulfate to support this reaction within 
the aquifer be determined.  This site-specific capacity can 
then be compared to Pb mass loading within the plume 
in order to assess the longevity of the natural attenuation 
process.  If site-specific tests demonstrate the stability of 
immobilized Pb and sufficient capacity within the aquifer to 
sustain Pb attenuation, then the site characterization effort 
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can progress to Tier IV.  For cases where contaminant stabil-
ity is sufficient but aquifer capacity is insufficient for capture 
of the entire plume, then a determination of the benefits of 
contaminant source reduction may be necessary.

Tier IV – Finally, under Tier IV a monitoring plan is estab-
lished along with contingency plans in the event of MNA 
failure.  It is recommended that the monitoring plan be 
designed to establish both continued plume stability and to 
identify changes in ground-water chemistry that may lead 
to re-mobilization of attenuated Pb.  The specific chemical 
parameters to be monitored will include those identified un-
der Tier III that may halt Pb partitioning to aquifer sediments 
and/or result in solubilization of either discrete Pb precipi-
tates or aquifer minerals that sequester Pb from ground 
water.  For example, solution phase parameters that could 
alter either Pb precipitation or adsorption include increases 
in soluble organic carbon in combination with changes in 
ground-water pH.  In contrast, the concentration of dissolved 
iron or sulfate may indicate the dissolution of an important 
sorptive phase within the aquifer (e.g., reductive dissolution 
of iron oxides or oxidative dissolution of sulfides).  Changes 
in these parameters may occur prior to observed changes 
in solution Pb and, thus, serve as monitoring triggers for 
potential MNA failure.  In this instance, a contingency plan 
can be implemented that incorporates strategies to arrest 
possible plume expansion beyond compliance boundaries.  
Possible strategies to prevent plume expansion include 
pump and treat operations, installation of reactive barriers 
to enhance uptake capacity perpendicular to the direction 
of plume advance, or enhancement of natural attenuation 
processes within the aquifer through the injection of soluble 
reactive components.
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Occurrence and Distribution

Industrial activity and natural environmental conditions have 
led to the introduction of nickel into soil and aquatic environ-
ments as a result of anthropogenic and geogenic sources, 
respectively (Duke, 1980; Richter and Theis, 1980).  Nickel 
is a relatively minor constituent of the earth’s crust having 
an average concentration of less than 0.01% by weight 
and ranking 24th in terms of abundance.  Nickel is very 
heterogeneously distributed among crustal rocks ranging 
from less than 0.0001% in sandstone and granite to 4% in 
coveted ore deposits (Duke, 1980).  Nickel can be found 
in igneous, sedimentary, and metamorphic rocks as well 
as nickel ores.  In soils, nickel ranges from 5 – 500 mg kg-1 
(Lindsay, 1979).  Serpentine clay-rich soils are noted for 
natural geogenic abundance of nickel and have been the 
focus for use of hyperaccumulating plants to phytomine 
nickel (Chaney et al., 1995).

Nickel is one of the most mobile of the heavy metals in the 
aquatic environment.  The mobility of nickel in the aquatic 
environment is controlled largely by competition between 
various sorbents to scavenge it from solution and ligands to 
form non-sorptive complexes.  Although data are limited, it 
appears that in pristine environments, hydrous oxides and 
phyllosilicates control nickel mobility via co-precipitation 
and sorption.  In polluted environments, the more preva-
lent organic compounds will keep nickel soluble by ligand 
complexation.  In reducing environments, insoluble nickel 
sulfide may form.  Nickel chloride is water-soluble and 
would be expected to release divalent nickel into the water.  
The atmosphere is a major conduit for nickel as particulate 
matter.  Contributions to atmospheric loading come from 
both natural sources and anthropogenic activity, with input 
from both stationary and mobile sources.  Various dry and 
wet precipitation processes remove particulate matter as 
wash out or fallout from the atmosphere with transfer to 
soils and waters.  Soil borne nickel may enter waters by 
surface runoff or by percolation into ground water.  Once 
nickel is in surface and ground-water systems, physical 
and chemical interactions (complexation, precipitation/dis-
solution, adsorption/desorption, and oxidation/reduction) 
occur that will determine its fate and that of its constituents.  
The only gaseous nickel compound of environmental im-
portance is nickel carbonyl.  Under ambient conditions in 
moist air, it decomposes to form nickel carbonate.  Thus, 
in the atmosphere at concentrations near the ppb level, it 
has a half-life of about 30 minutes.  The removal of nickel 
carbonyl by precipitation or by adsorption on surfaces has 

not been documented.  Since this compound is soluble 
in water, precipitation scavenging is possible.  Nothing 
is known about its reaction with natural surfaces or its 
uptake by vegetation.  Thus, dry deposition rates cannot 
be predicted until some experimental investigations have 
been conducted.  Although nickel is bioaccumulated, the 
concentration factors are such as to suggest that partition-
ing into the biota is not a dominant fate process.

Production of nickel was 84.6 million pounds in 1986, 
down slightly from 90 million pounds reported in 1982.  In 
1986 it was estimated that industries consumed nickel as 
follows: transportation, 25%, chemical industry, 15%; elec-
trical equipment, 9%; construction, 9%; fabricated metal 
products, 9%; petroleum, 8%; household appliances, 7%; 
machinery, 7%; and other, 11%.  Nickel carbonate is used 
in nickel catalyst production for organic chemical manufac-
ture, petroleum refining and edible oil hardening.  Nickel 
oxide consumption in 1972 (representing over 30 million 
pounds containing nickel) is estimated to have been as 
follows: 60% for stainless and heat resisting steels, 27% 
for other steel alloys, 8% for other nickel alloys, 2% for cast 
irons, and 3% for other uses (USEPA, 1986).  From 1987 
to 1993, according to the Toxics Release Inventory nickel 
released to land and water totaled nearly 27 million pounds, 
of which most was to land.  These releases were primarily 
from nickel smelting/refining and steelworks industries.  The 
largest releases occurred in Oregon and Arkansas.  The 
largest direct releases to water occurred in Maryland and 
Georgia (USEPA, 2003).

Plume Characteristics

The mobility of nickel in ground water will be controlled 
by partitioning reactions to aquifer sediments.  Possible 
mechanisms influencing nickel partitioning to subsurface 
solids include direct adsorption to clay minerals, adsorp-
tion and/or coprecipitation with metal oxides, complexation 
with natural organic particles, ion exchange with charged 
surfaces, and direct precipitation as an hydroxide, carbon-
ate or sulfide (Snodgrass, 1980).  The chemical speciation 
of nickel in solution exerts a significant influence on the 
extent and mechanism(s) of partitioning to aquifer sedi-
ments, which may be influenced by acid-base reactions, 
oxidation-reduction reactions influencing the speciation 
of complexing inorganic solution species (e.g., aqueous 
sulfate vs. sulfide), and interactions with dissolved organic 
compounds.  In general, inorganic/organic species that form 
dissolved complexes with nickel tend to enhance transport 
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of nickel in soil profiles to subsurface water (e.g., dissolved 
organic carbon; Christensen et al., 1996; Warwick et al., 
1997; Christensen and Christensen, 2000; Friedly et al., 
2002).  Field studies on transport in the subsurface illustrate 
several general conditions that are anticipated to result in 
expanding nickel plumes, including 1) acidic conditions 
(Kjoller et al., 2004), 2) manganese- and iron-reducing 
conditions (Larsen and Postma, 1997), and 3) the pres-
ence of mobile organic compounds that form soluble nickel 
complexes (Christensen et al. 1996; Kent et al., 2002). 

Remedial Technologies

Possible engineered approaches that can be employed 
for remediation of a ground-water plume containing nickel 
include physical removal of contaminated soils or sediments 
that serve as a long-term source of nickel leached into 
ground water, extraction of the dissolved plume with some 
method of above-ground treatment, physical isolation of the 
dissolved plume, or in-situ treatment of a dissolved plume 
resulting in immobilization of dissolved nickel within the 
aquifer.  Of these technologies, the use of permeable reac-
tive barriers (PRBs) for the capture and immobilization of 
nickel plumes has been investigated and applied in field set-
tings due to favorable performance and cost characteristics 
(Blowes et al., 2000).  Both carbon- and metallic iron-based 
(or zero valent iron) reactive media have been employed for 
nickel removal from ground water.  For carbon-based media, 
nickel removal is generally considered to occur through the 
precipitation of sulfide minerals, including nickel sulfides or 
coprecipitation of nickel with iron sulfides (e.g., Ludwig et al., 
2002; McGregor et al., 2002).  Reactive sulfide is generated 
in this type of PRB as a result of microbial sulfate reduction 
stimulated by degradation of an organic carbon substrate 
incorporated into the reactive barrier media.  Zerovalent 
iron media have also been tested for the removal of nickel 
in ground water (e.g., Wilkin and McNeil, 2003).  For this 
material, nickel removal may be achieved either through the 
stimulation of sulfate reduction with precipitation as a sulfide 
or through coprecipitation with or adsorption onto metallic 
iron corrosion products such as iron (hydr)oxides.  There 
is also laboratory and field evidence that nickel immobili-
zation can be enhanced through the addition of chemical 
amendments that promote nickel precipitation within soil or 
aquifer sediments (e.g., Lothenbach et al., 1997; Boisson 
et al., 1999; Seaman et al., 2001).  The applicability and 
performance of these technologies will depend on the geo-
chemical characteristics within the ground-water plume in 
conjunction with the velocities of ground-water flow and the 
flux of beneficial and non-beneficial reactive components 
transported within the plume.

Regulatory Aspects

In 2005, nickel was ranked 55 of 275 hazardous substances 
on the Comprehensive Environmental Response, Com-
pensation, and Liability Act (CERCLA) National Priorities 
List (NPL) based on frequency of occurrence at NPL sites, 
toxicity, and potential for human exposure to the substances 
found at NPL sites (ATSDR, 2005; http://www.atsdr.cdc.
gov/cercla/supportdocs/text.pdf). There are currently no 
primary or secondary drinking water standards (maximum 

contaminant level or MCL) in place for nickel in potable 
water sources (USEPA, 2006a; See also http://www.epa.
gov/safewater/dwh/t-ioc/nickel.html).  However, the health 
advisory for nickel, an estimate of acceptable drinking water 
levels for a chemical substance based on health effects in-
formation, via consumption of water has been set at 1 mg L-1 
for one- and ten-day exposures for a child and 0.1 mg L-1 
for a lifetime exposure for an adult (USEPA, 2006a; http://
www.epa.gov/waterscience/criteria/drinking/dwstandards.
pdf).  For non-potable water sources, ambient water qual-
ity criteria (AWQC) that are protective of aquatic life may 
serve as alternative cleanup goals.  For nickel, current 
statutes list both acute and chronic criteria for fresh waters 
as 0.47 mg L-1 and 0.052 mg L-1, respectively, for a water 
hardness of 100 mg L-1 (USEPA, 2006b; http://www.epa.
gov/waterscience/criteria/nrwqc-2006.pdf).  Adjustments 
to these criteria are to be applied for waters with different 
hardness.  An example of where this criterion may apply 
is a site where contaminated ground water discharges to 
surface water. 

Geochemistry and Attenuation Processes

Aqueous Speciation

In ambient aqueous systems, nickel exists in the divalent 
oxidation state and is not subject to oxidation-state trans-
formations under typical conditions.  Nickel predominantly 
exists as a cationic species (Ni2+) or various hydolysis spe-
cies (e.g., NiOH+) at near-neutral pH (Baes and Mesmer, 
1986).  However, nickel may also form dissolved complexes 
in the presence of high concentrations of inorganic ions 
such as carbonate/bicarbonate and sulfate (Hummel and 
Curti, 2003; Chen et al., 2005) or organic ligands such 
as natural/synthetic carboxylic acids and dissolved humic 
compounds (Bryce and Clark, 1996; Baeyens et al., 2003; 
Strathman and Myneni, 2004).  It is anticipated that nickel 
may form complexes with dissolved sulfide under sulfate-
reducing conditions, although the current state of knowledge 
is insufficient to ascertain the relative importance of these 
species in aqueous systems (Thoenen, 1999). The forma-
tion of solution complexes, especially with organic ligands, 
may limit sorption of nickel to mineral surfaces in aquifer 
sediments (see Adsorption section below).  

Solubility

Nickel may be immobilized within ground water through 
formation of pure nickel precipitates such as hydroxides, 
silicates, or sulfides (Merlen et al., 1995; Mattigod et al., 
1997; Scheidegger et al., 1997; Thoenen, 1999; Scheinost 
and Sparks, 2000; Peltier et al., 2006) or through copre-
cipitation with other soil forming minerals such as silicates, 
iron oxides/sulfides, or carbonates (Manceau et al., 1985; 
Manceau and Calas, 1986; Huerta-Diaz and Morse, 1992; 
Ford et al., 1999a; Hoffmann and Stipp, 2001).  Predicted 
nickel concentrations in the absence of sulfide for several 
potential pure nickel precipitates are shown in Figure 3.1.  
These data suggest that phyllosilicate and layered double 
hydroxide (LDH) precipitates (incorporating aluminum) may 
result in dissolved nickel concentrations below most relevant 
regulatory criteria over a pH range typical for ground water.  



23

These data also point to the limited capability of pure nickel 
carbonates and hydroxides in controlling dissolved nickel 
concentrations to sufficiently low values except under very 
alkaline conditions.  In the presence of dissolved sulfide, 
the precipitation of a nickel sulfide may plausibly control the 
concentration of dissolved nickel.  The Eh-pH conditions 
under which these solubility-limiting phases may form is 
shown in Figure 3.2.  According to these data, nickel-bear-
ing phyllosilicate and/or LDH precipitates possess large 

Figure 3.1	 (a) Predicted solubility of various Ni precipitates that could form in aerobic ground water with concentra-
tions of Al and Si controlled by the solubility of the clay mineral, kaolinite.  (Note y-axis break to expand 
lower end of scale.)  (b) Expansion of dissolved Ni data for equilibrium with Ni phyllosilicate; plotted on 
logarithmic scale.  Nominal ground-water composition: 0.005 mole/L NaCl, 0.001 mole/L K2SO4, 0.001 
mole/L MgNO3, 0.001 mole/L CaCO3, and 34 µ mole/L Ni (2000 µg Ni/L).  Model predictions using Visual 
MINTEQ Version 2.50 (Based on MINTEQA2 described in Allison et al. (1991); available at http://www.
lwr.kth.se/English/OurSoftware/vminteq/) with solubility constants added for Ni phyllosilicate, Ni-Al-SO4 
LDH, and Ni-Al-CO3 LDH (Peltier et al., 2006); total dissolved Ni concentrations modeled individually for 
each Ni solid phase by setting kaolinite as an ‘infinite’ solid and the Ni solid phase as a ‘possible’ solid for 
each pH titration.

Figure 3.2	 Eh-pH diagrams for nickel at 25 °C. (a) System Ni-H2O-Ca-Al-NO3-HCO3-SO4 (2 mg Ni/L; 40 mg Ca/L; 
3 mg Al/L; 6 mg NO3/L; 60 mg HCO3/L; 100 mg SO4/L).  Stability fields for solids are shaded green  
(Vaesite = NiS2). (b) Same system plus 3 mg Si /L.  Thermodynamic data for Ni3Si4O10(OH)2 and  
Ni0.63Al0.33(OH)2(SO4)0.125 are from Peltier et al. (2006).  [Note that the solubility of the Ni-Al-SO4 LDH was 
adjusted to correct for charge imbalance for the chemical structure published in Peltier et al. (2006).] 

stability fields indicating their relative importance to con-
trolling nickel solubility under a range of conditions.  These 
calculations point to the importance of dissolved aluminum 
and silicon concentrations in ground water relative to the 
potential sequestration of nickel via precipitation (Ford et al., 
1999b; Scheinost et al., 1999).  As discussed below (see 
Adsorption section), the formation of these nickel-bearing 
precipitates may be facilitated through initial adsorption 
onto clay minerals within the aquifer.
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Attenuation of nickel may also occur via coprecipita-
tion during the formation of (hydr)oxides or sulfides of 
iron.  These minerals have been observed to form at the 
boundaries between oxidizing and reducing zones within 
ground-water plumes.  There are numerous laboratory and 
field observations that demonstrate the capacity of these 
precipitates for nickel uptake (Schultz et al., 1987; Huarta-
Diaz and Morse, 1992; Coughlin and Stone, 1995; Ford et 
al., 1997; Ford et al., 1999a).  Under these circumstances, 
the solubility of nickel will depend on the stability of the host 
precipitate phase.  For example, iron oxide precipitates 
may alternatively transform to more stable forms (Ford et 
al., 1997), stabilizing coprecipitated nickel over the long 
term, or these precipitates may dissolve concurrent with 
changes in ground-water redox chemistry (e.g., Zachara 
et al., 2001).

Adsorption

Adsorption of nickel in soil environments is dependent on 
pH, temperature, and type of sorbent (minerals or organic 
matter), as well as the concentration of aqueous complex-
ing agents, competition from other adsorbing cations, and 
the ionic strength in ground water.  Nickel has been shown 
to adsorb onto many solid components encountered in 
aquifer sediments, including iron/manganese oxides, clay 
minerals (Dähn et al., 2003; Bradbury and Baeyens, 2005), 
and solid organic matter (Nachtegaal and Sparks, 2003).  
Sorption to iron/manganese oxides and clay minerals has 
been shown to be of particular importance for controlling 

nickel mobility in subsurface systems.  The relative affinity 
of these individual minerals for nickel uptake will depend 
on the mass distribution of the sorbent minerals as well 
as the predominant geochemical conditions (e.g., pH and 
nickel aqueous speciation).  For example, the pH-depen-
dent distribution of nickel between iron and manganese 
oxides [hydrous ferric oxide (HFO) and a birnessite-like 
mineral (nominally MnO2)] for a representative ground-
water composition is shown in Figure 3.3a.  Based on the 
available compilations for surface complexation constants 
onto these two solid phases (Dzombak and Morel, 1990; 
Tonkin et al., 2004), one would project the predominance 
of nickel sorption to MnO2 at more acidic pH and the pre-
dominance of HFO (or ferrihydrite) at more basic pH.  With 
increasing mass of MnO2, the solid-phase speciation of 
nickel will be progressively dominated by sorption to this 
phase.  There are examples of the relative preference of 
nickel sorption to manganese oxides over iron oxides for 
natural systems (e.g., Larsen and Postma, 1997; Manceau 
et al., 2002; Kjoller et al., 2004; Manceau et al., 2006).  As 
shown in Figure 3.3b, nickel adsorption may be inhibited 
(or nickel desorption enhanced) through the formation of 
solution complexes with organic ligands such as EDTA 
or natural organic matter (e.g., Bryce and Clark, 1996; 
Nowack et al., 1997).  These dissolved compounds may be 
present as natural components within ground water or as 
co-contaminants within a contaminant plume (e.g., Means 
et al., 1978).

Figure 3.3 	(a) Nickel sorption as a function of pH in the presence of an hypothetical aquifer sediment with iron and 
manganese oxides reflective of the crustal abundance of these elements (Schulze, 2002; assumed 30% 
porosity with 185.0 g HFO/L and 1.66 g MnO2/L).  (b) Same conditions as in (a), but with 10 µM EDTA 
added.  Nominal ground-water composition: 0.005 mole/L NaCl, 0.001 mole/L K2SO4, 0.001 mole/L 
MgNO3, 0.001 mole/L CaCO3, and 34 µ mole/L Ni (2 mg Ni/L).  Model predictions using Visual MINTEQ 
Version 2.50 (Based on MINTEQA2 described in Allison et al. (1991); available at http://www.lwr.kth.
se/English/OurSoftware/vminteq/) with available surface complexation parameters derived from Dzombak 
and Morel (1990) and Tonkin et al. (2004); kaolinite set as an ‘infinite’ solid for pH titration.
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As previously noted, adsorption of nickel onto mineral 
surfaces may serve as a precursory step to the formation 
of trace precipitates that reduce the potential for desorp-
tion with changes in ground-water chemistry.  This may 
be realized through the nucleation and growth of surface 
precipitates on clay mineral surfaces due to continued 
uptake of nickel (Scheckel and Sparks, 2000; Scheckel et 
al., 2000; Scheckel and Sparks, 2001; Dähn et al., 2002).  
This type of process may compete with other adsorption 
processes, such as ion exchange, depending on the pre-
vailing ground-water chemistry and characteristics of the 
clay mineral (Elzinga and Sparks, 2001). 

Site Characterization

Overview

Nickel mobility in ground water is governed by the total 
concentration of nickel, the distribution of nickel species 
in water, and the nature of nickel partitioning in the solid 
phase.  The development of site-conceptual models for 
predicting the long-term fate of nickel at a contaminated 
site will require information on the distribution and con-
centration of nickel in the aqueous phase and the solid 
phase.  Table 3.1 indicates possible natural attenuation 
and mobilization pathways for nickel.  Details of the types 
of analytical measurements that may be conducted on 
sampled ground water and aquifer sediments to assist in 
identifying the attenuation mechanism(s) are discussed in 
the following paragraphs.

Aqueous Measurements

The total concentration of nickel in aqueous samples can 
be determined by an array of methods ranging significantly 
in sensitivity, detection limits, and accuracy.  For aqueous 
systems, nickel can be measured by flame/graphite fur-
nace atomic absorption (FAAS and GFAAS, respectively), 
inductively coupled plasma atomic emission spectrometry 
(ICP-AES) or  mass spectrometry (ICP-MS), colorimetry, 
ion chromatography, and electrochemical methods (Stoep-
pler, 1980).  The standard colorimetric method for nickel 
is the dimethylglyoxime (DMG) method (Amacher, 1996).  
Ion chromatography works well for nickel in determining 
total nickel in soil digestion solutions (Basta and Tabatabai, 
1990).  Electrochemical methods (e.g., anodic stripping 
voltammetry, platinum electrode differential oscillopolarog-
raphy, or differential pulse polarography) are well suited for 
aqueous samples and often employ DMG-coated electrodes 
to concentrate nickel for better sensitivity (Stoeppler, 1980).  
Of the list above, FAAS, GFAAS, ICP-OES, or ICP-MS are 
the most common methods employed.  

For ground water with elevated concentrations of 
dissolved organic carbon (e.g., landfill leachates) or 
known organic co-contaminants such as EDTA, it may 
be necessary to determine the chemical speciation of 
dissolved nickel.  Geochemical speciation models (e.g., 
MINTEQA2, PHREEQC, EQ3/6) may be employed to 
assist in determining aqueous nickel speciation, but the 

Table 3.1	 Natural attenuation and mobilization pathways for nickel.

Attenuation Processes Mobilization Processes Characterization Approach

Precipitation of Ni as carbonate, 
layered double hydroxide, or 
phyllosilicate phase in oxidized/
reduced systems; precipitation of 
Ni as a sulfide in sulfate-reducing 
systems

Dissolution of Ni precipitates 
due to decreased pH; dis-
solution of NiS due to shift 
from reducing to oxidizing 
conditions.

Evaluation of dissolved Ni concentration in ground 
water.  Determination of total Ni in the solid matrix 
and suspected components in Ni-bearing precipitate.  
Evaluation of mineral solubility relative to ground-wa-
ter chemistry and published solubility constants.

Co-precipitation of Ni as a trace 
component in oxyhydroxides or 
sulfides of iron or manganese

Dissolution of host oxyhydrox-
ide due to decrease in pH or 
shift from oxidizing to reducing 
conditions; dissolution of host 
sulfide due to shift from reduc-
ing to oxidizing conditions.

Evaluation of Ni concentration in ground water and in 
solid matrix.  Evaluation of host precipitate formation 
relative to existing ground-water chemistry; determi-
nation of host mineral content in aquifer sediments 
via mineralogical characterization.  Evaluation of Ni 
solid-phase partitioning using sequential extraction 
methodologies.

Adsorption of Ni to iron oxyhy-
droxides, iron sulfides, or other 
mineral surfaces 

Desorption due to low pH, high 
competing cation concentra-
tions, or high DOC concentra-
tions for oxyhydroxides and 
sulfides.  Reductive dissolution 
of iron hydroxides or oxidative 
dissolution of iron sulfides.

Evaluation of Ni concentration in ground water and in 
solid matrix.  Evaluation of Ni solid-phase partitioning 
using sequential extraction methodologies.  Batch 
and column testing to determine Ni uptake behavior 
and capacity of site-specific aquifer materials under 
variable geochemical conditions.
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accuracy of existing codes and/or associated geochemical 
databases for assessing complexation with dissolved 
organic carbon has been questioned (e.g., Christensen 
and Christensen, 2000).  These computer speciation codes 
also require, at a minimum, the concentrations of major 
anions, major cations, total organic carbon (or specific 
species of organic compounds), temperature, and pH.   
Direct determination of the fraction of organic-complexed 
nickel may be accomplished through analytical fractionation 
of nickel using various exchange resins (e.g., Christensen 
and Christensen, 2000; Jian and Presley, 2002).  As noted 
by Jiann and Presley (2002), the approach to sample 
preservation prior to separation may depend on whether 
fractionation can be conducted in the field or at a later time 
in the laboratory.  Voltammetric measurements may also be 
employed to examine the relative distribution and stability 
of nickel complexes with dissolved organic compounds in 
water (e.g., Van den Berg and Nimmo, 1987; Bedsworth and 
Sedlak, 1999).  Supporting data for these measurements 
would include determinations of total dissolved organic 
carbon along with specific organic constituents suspected 
in the ground-water plume.  In addition, while regulatory 
requirements stipulate that unfiltered ground-water 
samples be analyzed to support regulatory decisions at 
a contaminated site, it may be necessary to also collect 
filtered samples to help define the process(es) controlling 
contaminant mobility.  The use of 0.45 μm pore size filters 
is common as an arbitrary cutoff point to differentiate 
between dissolved and particulate phases in water 
samples.  However, caution is recommended when using 
this approach, particularly for Fe and Al and other elements 
that may be associated with Fe or Al particles (including Ni) 
that could pass through 0.45 μm filters.  The use of filters 
with pore sizes less than 0.1 μm will generally provide a 
better assessment of the dissolved vs. particulate load in 
ground water.

It has also been observed that nickel may be leached from 
certain grades of stainless steel well casing/screen materi-
als under chemical conditions that may be encountered in 
contaminant plumes.  Two published studies have provided 
detailed evaluation of the extent of nickel (and chromium) 
leaching that may occur for type 304 or 316 stainless steel 
screens (Hewitt, 1994; Oakley and Korte, 1996).  Oakley 
and Korte (1996) provide a site-specific example of how 
elevated nickel concentrations derived from continuous 
leaching of well screen materials may be falsely identified 
as a component of a ground-water plume.  This suggests 
that careful consideration should be given to the types of 
well screen materials and sampling protocols employed 
relative to the assessment of potential contaminants of 
concern within a plume.

Solid Phase Measurements

The implementation of an analytical approach to identify 
nickel speciation in aquifer sediments is a challenging pro-
cess.  The accuracy of the analytical finding is dependent on 
the method of sample collection/preservation and the tools 
used to identify the mechanism of nickel partitioning.  It is 
recommended that the analytical protocol be designed to 

address the potential redox sensitivity of the solid phase(s) 
to which nickel may be partitioned (e.g., sulfides in reduced 
sediments).  Tools to evaluate the mechanism of nickel 
solid phase partitioning range in complexity from relatively 
simple chemical extractions to advanced spectroscopic 
techniques.

Bulk solid phase nickel concentration can be determined 
directly on the solid sample by X-ray fluorescence spec-
trometry, neutron activation analysis, or following chemical 
digestion and analysis of nickel in the resultant liquid phase.  
A variety of digestion or extraction methods can be found in 
the literature (Amacher, 1996).  Neutron activation analysis 
is not commonly employed due to the scarcity of neutron 
sources required to irradiate the sample.  X-ray fluorescence 
is the most attractive approach due to the relative ease 
of sample preparation, which may be conducted with the 
sample in its original state or following fusion with lithium 
metaborate.  When combined with the determination of 
other major or trace elements in the solid sample, this 
provides an initial step for assessing possible association 
of nickel with various solid phase components.  This type 
of analysis can be conducted on the bulk sample as well 
as at a microscopic level using wavelength (electron mi-
croprobe) or energy dispersive spectroscopy coupled to a 
scanning or transmission electron microscope.  Microscopic 
examination allows one to better differentiate whether nickel 
may be distributed across a number of different mineral 
phases within the solid sample or primarily associated with 
a discrete phase.  There are limitations to this approach 
(Pye, 2004), a significant one being that the analysis does 
not necessarily provide unique mineral identification ne-
cessitating the collection of supporting mineralogical and 
chemical data.

More detailed information on the specific partitioning 
mechanism(s) controlling nickel solid phase speciation is 
typically required to adequately support site assessment 
for potential reliance on natural attenuation as part of a site 
remedy. There have been many applications of sequential 
extraction schemes to assess the speciation of solid phase 
nickel (e.g., Tessier et al., 1979; Ryan et al., 2002; Peltier et 
al., 2005; Buanuam et al., 2006).  As discussed in the cited 
reports, sequential extraction methods provide a useful tool 
to assist in determining the chemical speciation of trace 
metals in soils/sediments, but essentially all documented 
methods show analytical limitations in selectively extract-
ing nickel and other metals associated with specific solid 
components.  Where feasible, it is recommended that com-
plimentary analytical techniques be employed to confirm the 
accuracy of nickel speciation (e.g., D’Amore et al., 2005; 
Manceau et al., 2006) or the accuracy of the extraction of 
a targeted phase(es) for a given extractant (e.g., Shannon 
and White, 1991; Ryan et al., 2002; Peltier et al., 2005).  As 
an example, Peltier et al. (2005) have demonstrated that 
a common extraction method employed to target metals 
associated with easily reducible iron (hydr)oxides may also 
dissolve iron sulfides that may be present.  The results from 
this analysis may lead to misidentification of a nickel asso-
ciation with iron (hydr)oxides, resulting in the development of 
a conceptual site model that misrepresents the site-specific 
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attenuation process.  Under reducing conditions, it is also 
critical that aquifer sediments be sampled and processed 
in a manner that prevents exposure to oxygen prior to ex-
traction in order to limit oxidation of reduced minerals (e.g., 
iron sulfides) that may host nickel.  Determination of the 
host mineral phase(es) dissolved for each extraction step 
is recommended, along with the use of surrogate Ni-bear-
ing phases spiked into the sediment to confirm accuracy 
of the procedure (e.g., Rudd et al., 1988).  The choice of 
appropriate nickel surrogate phases would be governed by 
site-specific geochemical conditions or characterization of 
the mineralogy of the aquifer sediment.

Long-term Stability and Capacity

The stability of attenuated nickel will largely depend on the 
stability of site-specific geochemical conditions through 
time.  For example, if nickel attenuation follows a pathway 
of coprecipitation with iron sulfide, then the long-term 
stability of attenuated nickel will depend, in part, on the 
persistence of reducing conditions.  If ground-water redox 
conditions were to shift to oxidizing conditions, nickel might 
be expected to release from the solid phase.  It is therefore 
important to understand the attenuation mechanism(s) so 
that geochemical triggers for mobilization can be anticipated 
and incorporated into evaluations of long-term monitoring 
data.  For any proposed and identified attenuation mecha-
nism, there will exist possible scenarios whereby remobi-
lization could occur (i.e., changes in pH or Eh).  It will be 
essential to explore the likelihood of such changes in site 
geochemistry and the sensitivity of the attenuation pathway 
to changes in the prevailing geochemical conditions.

Quantifying the attenuation capacity (as defined in Volume 
1) will also require an understanding of the specific attenu-
ation pathway(s).  Attenuation capacity, for example, could 
be related to the extent that pH is buffered, the availability 
of sorptive sites in aquifer materials, or to the supply of 
electron donors needed to sustain microbially mediated re-
dox conditions.  For any proposed attenuation mechanism, 
there will be assumptions built into capacity estimations, 
so it is recommended that uncertainty analysis accompany 
capacity calculations.

Tiered Analysis

Determination of the viability of nickel remediation in ground 
water via monitored natural attenuation will depend upon 
proper assessment of contaminant loading to the aquifer 
and prevailing geochemistry and mineralogy within the 
contaminant plume and the down gradient zone prior to 
the point(s) of compliance.  The goal of site assessment is 
to demonstrate the process(es) controlling nickel seques-
tration onto aquifer solids and the long-term stability of 
solid phase nickel as a function of existing and anticipated 
ground-water chemistry.  The following tiered analysis 
structure for site characterization provides an approach to 
evaluate candidate sites and define the potential limitations 
of MNA as part of a remedy for ground-water cleanup.

Tier I - Site characterization under Tier I will involve demon-
stration that the plume is static or shrinking, has not reached 
compliance boundaries, and does not impact existing water 

supplies.  Once this is established through ground-water 
characterization, evidence is collected to demonstrate Ni 
partitioning to aquifer solids within the plume.  If natural 
attenuation processes are active throughout the plume, 
then there should be an observed increase in solid phase 
concentrations within regions of the plume with higher 
aqueous concentrations, e.g., near the source term.  This 
field partitioning data may be supplemented by geochemical 
modeling that incorporates measured water chemistry (e.g., 
pH, Eh, and major ion chemistry) throughout the plume to 
assess the potential for solubility control by a nickel pre-
cipitate such as phyllosilicate or sulfide phase.  Identifica-
tion of active sequestration to prevent nickel migration in 
ground-water provides justification for proceeding to Tier 
II characterization efforts.

Tier II -  Under Tier II, the apparent rate and mechanism(s) 
of attenuation are determined.  Estimates of a site attenu-
ation rate(s) can be assessed via a well transect along 
the ground-water flow path.  In addition, time-series data 
may be collected at one or more monitoring points within 
the plume.  This information will allow assessment of the 
relative timescales for contaminant immobilization and fluid 
transport and determination of whether remediation objec-
tives can be met within the required regulatory time frame.  
In addition, the mechanism(s) for attenuation need to be 
identified under this stage of site characterization.  This 
effort may require determination of the chemical speciation 
of aqueous and solid phase Ni, which may be approached 
according to the following scheme:

1)	 Determination of nickel solution speciation via di-
rect analytical measurements in combination with 
speciation calculations based on characterized 
ground-water chemistry;

2)	 Calculation of the saturation state of ground water 
relative to measured aqueous chemistry compli-
mented by the possible isolation of discrete Ni 
mineral phases via density separations (or other 
schemes) in regions of the aquifer with highest 
solid phase concentrations;

3)	 Determination of aquifer mineralogy to determine 
the relative abundance of components with docu-
mented capacity for Ni sorption (e.g., Amonette, 
2002);

4)	 Identification of nickel association(s) with the 
various solid phase components of aquifer solids 
through combination of chemical extractions with 
microscopic/spectroscopic confirmation of phase 
associations, and;

5)	 Demonstration of concurrence between the site 
conceptual model and mathematical model(s) that 
describe nickel removal mechanism(s).

It is recommended that identification of nickel chemical spe-
ciation in aqueous and solid matrices be conducted using 
samples collected in a manner that preserves the in-situ 
distribution of dissolved nickel and mineralogy and prevents 
loss of nickel from aqueous samples (e.g., due to oxidation 
and precipitation of ferrous iron in anoxic ground water).  
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The demonstration of concurrence between conceptual and 
mathematical models describing nickel transport will entail 
development of site-specific parameterization of the chemi-
cal processes controlling nickel solid phase partitioning.

Tier III - Once the partitioning mechanism(s) have been 
identified for the site, the subsequent characterization ef-
fort under Tier III will involve determination of the stability 
of immobilized Ni and the capacity of the aquifer to sustain 
continued uptake.  It is recommended that the stability of 
immobilized Ni be tested based on the anticipated evolution 
of ground-water chemistry concurrent with plume shrinkage.  
For example, changes in ground-water pH can exert a sig-
nificant influence on Ni adsorption or precipitate solubility.  
Therefore, it is recommended that sediment leach tests be 
conducted to characterize the magnitude of Ni mobilization 
as a function of pH for a ground-water chemistry representa-
tive of site conditions.  It is recommended that the capacity 
for Ni uptake onto aquifer solids be determined relative to 
the specific mechanism(s) identified in Tier II.  For example, 
if site characterization under Tier II indicated that precipita-
tion of Ni sulfide due to microbial degradation of organic 
compounds coupled with sulfate reduction occurs within the 
aquifer, then it is recommended that the mass distribution 
of organic carbon and sulfate to support this reaction within 
the aquifer be determined.  This site-specific capacity can 
then be compared to Ni mass loading within the plume in 
order to assess the longevity of the natural attenuation 
process.  If site-specific tests demonstrate the stability of 
immobilized Ni and sufficient capacity within the aquifer to 
sustain Ni attenuation, then the site characterization effort 
can progress to Tier IV.  For cases where contaminant stabil-
ity is sufficient but aquifer capacity is insufficient for capture 
of the entire plume, then a determination of the benefits of 
contaminant source reduction may be necessary.

Tier IV – Finally, under Tier IV a monitoring plan is estab-
lished along with contingency plans in the event of MNA 
failure.  It is recommended that the monitoring plan be 
designed to establish both continued plume stability and to 
identify changes in ground-water chemistry that may lead 
to re-mobilization of attenuated Ni.  The specific chemical 
parameters to be monitored will include those identified 
under Tier III that may halt Ni partitioning to aquifer sedi-
ments and/or result in solubilization of either discrete Ni pre-
cipitates or aquifer minerals that sequester Ni from ground 
water.  For example, solution phase parameters that could 
alter either Ni precipitation or adsorption include increases 
in soluble organic carbon in combination with changes in 
ground-water pH.  In contrast, the concentration of dissolved 
iron or sulfate may indicate the dissolution of an important 
sorptive phase within the aquifer (e.g., reductive dissolution 
of iron oxides or oxidative dissolution of sulfides).  Changes 
in these parameters may occur prior to observed changes 
in solution Ni and, thus, serve as monitoring triggers for 
potential MNA failure.  In this instance, a contingency plan 
can be implemented that incorporates strategies to arrest 
possible plume expansion beyond compliance boundaries.  
Possible strategies to prevent plume expansion include 
pump and treat operations, installation of reactive barriers 

to enhance uptake capacity perpendicular to the direction 
of plume advance, or enhancement of natural attenuation 
processes within the aquifer through the injection of soluble 
reactive components.
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Copper
Richard T. Wilkin

Occurrence and Distribution

Copper is a minor element in the earth’s crust, ranking 
25th in abundance and having an average concentration of 
25 mg kg-1 (Wedepohl, 1995).  Crustal copper concentra-
tions vary as a function of lithologic type and proximity to 
hydrothermal deposits of copper and other base metals.  
Mafic and ultramafic rocks such as basalts are usually 
more enriched in copper compared to rocks that make up 
continental crust such as granites and rhyolites.  Median 
concentrations of copper reported in a survey of sediments 
and soils range from 7 to 35 mg kg-1 (Reimann and Caritat, 
1998).  Ores of copper are highly diverse and range from: 
native copper deposits hosted in sulfur-poor basaltic and 
andesitic rocks; copper sulfides hosted in layered mafic 
intrusions, altered porphyritic rocks, and submarine massive 
sulfide bodies; and, copper oxides, carbonates, and sulfates 
formed in supergene deposits through the weathering of 
primary sulfide deposits (Guilbert and Park, 1986).

It is believed that the ancient civilizations of Mesopotamia 
(region of modern Iraq) made use of native copper and gold, 
possibly as far back as ca. 8700 BC.  Indeed the exploitation 
of natural deposits of copper and gold, which are soft met-
als that can be hammered into shape without heat, marked 
the transition from the Stone Age to more modern ways of 
life (Diamond, 1997).  Typical copper-bearing minerals in-
clude native copper, sulfides (chalcopyrite, CuFeS2; bornite, 
Cu5FeS4; chalcocite, Cu2S; covellite, CuS; digenite, Cu9S5), 
sulfosalts (tetrahedrite, Cu12Sb4S13), carbonates (malachite, 
Cu2(OH)2CO3; azurite, Cu3(OH)2(CO3)2), and oxides (teno-
rite, CuO).  In the US, the principal copper mining states are 
Arizona, Utah, and New Mexico.  In 2004, domestic mine 
production of copper was about 1.16 million tons, or about 
8% of world mine production.  While the US is the world’s 
second-largest producer of copper, it is the world’s largest 
copper-consumer.  The principal modern use of copper is 
as an electrical conductor.  Alloys of copper (e.g., brass 
and bronze) are used in jewelry, sculptures and for mint-
ing coins.  Copper also has broad uses as an agricultural 
poison and as an algaecide in water purification.

Plume Characteristics

Copper has five possible oxidation states (0, +1, +2, +3, 
and +4).  Under most conditions, copper is present in 
aqueous solution as the divalent cation, Cu2+, or as Cu(II) 
hydroxide or carbonate complexes.  However, copper is 

not especially mobile in aquatic environments due to the 
relatively low solubility of Cu(II)-bearing solids and high 
affinity of copper for mineral and organic surfaces.  Cer-
tain organic compounds are able to keep copper soluble 
by ligand complexation.  Hence, copper does not typically 
enter ground water except under conditions of low pH or 
high ligand concentrations.  Where present, copper con-
tamination in soils and ground water stems primarily from 
mining activities, metal production, wood production, fertil-
izer production, and combustion of fossil fuels and wastes 
(e.g., Bocheńska et al., 2000; Zagury et al., 2003).

Copper is not included on the CERCLA Priority List of 
Hazardous Substances, which is based on the frequency 
of occurrence of specific contaminants at National Priorities 
List (NPL) sites and their potential threat to human health.  
An internet search showed, however, that in 2005 copper 
was listed as a potential contaminant of concern (COC) in 
ground water at 287 NPL sites in EPA Regions 1-10.

Remedial Technologies 

The primary techniques for dealing with copper-contami-
nated soils involve immobilization and/or extraction.  Immo-
bilization involves binding copper or other heavy metals to 
the soil matrix by solidification or stabilization.  In this way, 
contaminated soils become less soluble, and hazardous 
compounds are prevented from entering ground water or 
surface water.  Extraction involves a combination of process-
es to actually remove heavy metals from soil, for example, 
soil washing whereby metals are transferred into solution 
via solubilization by acids, bases, or chelating agents.  In 
contrast to soils remediation, there are comparatively few 
examples of ground-water remediation demonstrations 
that focus on copper.  In situ bioremediation to promote 
bacterial sulfate-reduction and consequent precipitation 
of insoluble copper sulfides has been proposed (Dvorak et 
al., 1992; Steed et al., 2000; Tabak et al., 2003).  Perme-
able reactive barriers that are designed to intercept and 
treat contaminated ground water could be appropriate for 
dealing with copper contamination.  Woinarski et al. (2003) 
discuss the application of a natural zeolite (clinoptilolite) in 
reactive barriers for removing copper via ion exchange (see 
also Inglezakis et al., 2003 and Park et al., 2002).  Other 
reactive media explored in laboratory studies for treating 
copper include zerovalent iron (Wilkin and McNeil, 2003) 
and municipal compost (Waybrant et al., 1998).
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Regulatory Aspects

The USEPA has set the Maximum Concentration Limit Goal 
(MCLG) of copper in drinking water at 1.3 mg L-1 (USEPA, 
2006a; http://www.epa.gov/waterscience/criteria/drinking/
dwstandards.pdf).  Copper is a trace element essential for 
good human health.  It is part of the prosthetic groups of 
many proteins and enzymes and thus is essential to their 
proper function.  Potential health effects from ingesting 
water with high concentrations of copper include gastro-
intestinal distress, and potential damage to the liver and 
kidneys.  For non-potable water sources, ambient water 
quality criteria (AWQC) that are protective of aquatic life 
may serve as alternative cleanup goals.  For copper, current 
statutes list both acute and chronic criteria for fresh waters 
as 0.016 mg L-1 and 0.011 mg L-1, respectively, for a water 
hardness of 100 mg L-1 (USEPA, 2006b; http://www.epa.
gov/waterscience/criteria/nrwqc-2006.pdf).  Adjustments 
to these criteria are to be applied for waters with different 
hardness.  An example of where this criterion may apply 
is a site where contaminated ground water discharges to 
surface water.

Geochemistry and Attenuation Processes

Aqueous Speciation

Copper complexes are possible in the +1, +2, +3, and +4 
valence states.  Copper(III) and (IV) complexes are rare 
and unstable in water.  Cu(I) complexes are present under 
reducing conditions but in general cuprous ions are highly 
insoluble in water.  Cu(II) is the main oxidation state for 
soluble complexes of copper in aquatic environments.  Cu(II) 
forms complexes with both hard (e.g., CO3

2-, SO4
2-, OH-, 

and Cl-) and soft (e.g., S2-, I-) bases (Stumm and Morgan, 
1996).  The stereochemistry of Cu(II) principally involves 
distorted tetragonal (coordination number 4) or octahedral 
(coordination number 6) configurations.  Cu(II) complexes 
are subject to the Jahn-Teller effect that acts to stabilize 
species with the d 9 electronic configuration that are present 
in tetragonal or octahedral coordination.   

In pure water, Cu2+ is the predominant ion below pH 7.  
Above this pH, the species CuOH+, Cu(OH)2

0, and CuO2
2- 

become increasingly important.  Because of uncertainties 
in the estimates and measurements of the thermodynamic 
constants for copper complex formation, the speciation 
of copper in natural waters is not known in detail (e.g., 
Boyle, 1979; Leckie and Davis,1979; Baes and Mesmer, 
1976).  Most models, however, predict that Cu2+ is a small 
fraction of the total copper concentration in freshwater and 
seawater systems and that complexed forms of copper are 
dominant.

A survey of references that report hydrolysis constants for 
Cu2+ shows considerable variability in species identified and 
in their formation constants (see e.g., Baes and Mesmer, 
1976; Leckie and Davis, 1979 and references therein).  
Figure 4.1 shows the pH-dependent distribution of Cu2+ hy-
drolysis species based on the Lawrence Livermore National 
Laboratory thermodynamic database (thermo.com.v8.r6+), 
along with the pH-dependent solubility of tenorite (CuO) and 

the metastable solid, Cu(OH)2, based on data in Hidmi and 
Edwards (1999).  Both CuO and Cu(OH)2 are insoluble at 
neutral to alkaline pH.  Below pH of 6 to 7, dissolution of 
these phases would yield Cu2+ concentrations above the 
MCL of 1.3 mg L-1 (10-4.7 molal).  Stable complexes of Cu2+ 
with SO4

2- (CuSO4
0) and CO3

2- (CuCO3
0) may contribute 

significantly to total copper at anion concentrations typi-
cally encountered in ground water.  In environments with 
high ammonia concentrations, copper can be significantly 
bound to ammonia at pH>6.

Copper may be strongly complexed by dissolved organic 
matter (e.g., Smolyakov et al., 2004).  Low molecular 
weight, dissolved organic complexes are generally highly 
mobile and able to transport copper in aquifer materials 
and soils (Han and Thompson, 2003; Christensen et al., 
1999).  Christensen et al. (1999) report that >85% of total 
copper was bound to dissolved organic carbon complexes 
in leachate with comparatively low dissolved organic carbon 
concentrations of <40 mg C L-1.

Figure 4.1  Solubility of copper oxide and copper 
hydroxide as a function of pH in the system 
Cu-O-H at 25 °C.

Solubility

An Eh-pH diagram for copper is shown in Figure 4.2.  
Inspection of this diagram indicates that at the specified 
conditions Cu2+ is the soluble form of copper at pH<6 and 
in moderately to highly oxidizing systems.  Consequently, 
upon weathering, copper is likely to be more mobile under 
acidic rather than alkaline conditions (see, e.g., Paulson 
and Balistrieri, 1999).  Copper hydroxycarbonate (mala-
chite) has a narrow stability field at near-neutral pH and at 
moderately to highly oxidizing conditions.  With increasing 
inorganic carbon concentrations, the malachite stability field 
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would expand.  At neutral to alkaline pH (>7) copper oxides 
are stable.  With progressively more reducing conditions, 
cuprous oxide and elemental copper develop broad stabil-
ity fields.  Finally, in highly reducing and sulfidic environ-
ments, copper sulfides (chalcocite and covellite) are stable 
over a wide pH range.  Aquifer materials usually contain 
some organic matter as well as sulfate from ground water.  
Microbial degradation of organic matter can be coupled to 
sulfate reduction with the production of hydrogen sulfide.  
Because of the extreme insolubility of copper sulfides, no 
complexing ligand can compete with hydrogen sulfide or 
metal sulfide surfaces for copper (Rose, 1989).  In addi-
tion, there are several fairly common copper-iron-sulfur 
minerals such as chalcopyrite (CuFeS2), bornite (Cu5FeS4), 
and cubanite (CuFe2S3).  Note that in solutions with high 
chloride concentrations (>1 M), the field of soluble copper 
in Figure 4.2 expands substantially due to the very strong 
nature of copper chloride complexes.

Figure 4.2  Eh-pH diagram for copper at 25 °C (total 
inorganic carbon = 10-2 molal; total sulfur = 
10-3 molal; total copper = 10-5 molal).

Cavallaro and McBride (1980) found that in alkaline soils 
copper was present as Cu(OH)2 and with progressive 
aging, copper solubility decreased consistent with the for-
mation of Cu2(OH)2CO3.  In general, they concluded that 
Cu2+ solubility in soil is highly correlated to pH.  Dudley et 
al. (1991) proposed the formation of CuO in soil reacted 
with an extract of acid mine waste.  In both the studies of 
Cavallaro and McBride (1980) and Dudley et al. (1991), 
proposed copper phase associations are based on a com-
parison of observed pH-dependent copper concentrations 
with solubility estimates based on thermodynamic data.  
Indeed, Leckie and Davis (1979) suggest that in most soil 
environments malachite and tenorite are the most impor-

tant copper-bearing phases, with Cu(OH)2 present as a 
metastable precursor to malachite and tenorite.

The stability relationships between copper hydroxycarbon-
ates and oxides are shown in Figure 4.3 in terms of pH 
and CO2 fugacity.  Note that at high pH and CO2 fugacity, 
aqueous copper carbonate complexes predominate over 
hydroxyl complexes.  The diagram illustrates that over the 
pH and f CO2 conditions in most ground water systems, 
tenorite and malachite are the expected stable copper 
minerals.

Adsorption

McBride and Bouldin (1984) examined the solid-phase 
properties of copper in copper-contaminated soil.  They 
concluded that long-term reaction of copper with calcare-
ous soil failed to convert copper into a form unavailable to 
plants.  Chemical extraction tests suggested that copper 
was mainly present in a non-exchangeable form easily 
dissolved by organic chelating compounds.  An analysis 
of pH-dependent solubility data revealed that copper was 
present as an inorganic form in the soil, possibly tightly 
adsorbed on surfaces as hydroxyl or hydroxycarbonate spe-
cies.  Greater than 99.5% of the copper in the soil solution 
was complexed, probably with soluble organic compounds 
(McBride and Bouldin, 1984).  In contrast, Cavallaro and 
McBride (1978) found that low pH soils are less effective 
in retaining Cu2+ compared to neutral soils and calcareous 
soils.  They concluded that this behavior was in part related 
to increased competition at low pH for organic functional 
groups by aluminum and/or protons thus reducing the ability 
of Cu2+ to be adsorbed onto solid organic matter.

Figure 4.3	 Solubility and speciation of copper as a 
function of pH and log fugacity of CO2(gas) 
at 25 °C.  Solid lines separate stable phases 
and dotted lines separate aqueous species 
(total copper = 10-5 molal).  Diagram drawn 
using thermodynamic data from MINTEQA2.
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Based on the solubility and sorption behavior of copper, it is 
expected that over a wide range of geochemical conditions 
copper will be effectively stable in the solid phase of soils 
and sediment materials.  Copper has a strong affinity for 
the surfaces of iron oxides and hydroxides (e.g., Benjamin 
and Leckie, 1981; Robertson and Leckie, 1998; Martínez 
and McBride, 1998), clays (e.g., Pickering, 1980; Farqhar 
et al., 1997; Morton et al., 2001), sulfides (e.g., Pattrick et 
al., 1997; Parkman et al., 1999), and organic matter (e.g., 
Sauvé et al., 1997; Schilling and Cooper, 2004).  As well 
as being less soluble, Cu2+ is more strongly adsorbed to 
mineral substrates than Zn2+, Ni2+, and Cd2+.

Benjamin and Leckie (1981) examined the pH-dependent 
sorption of copper, zinc, and lead onto hydrous ferric oxide.  
For these metals and for a range of precipitate loadings, 
the adsorption edge position, the pH at which half the 
metal was sorbed and half the metal remained in solution, 
increased in the order Pb<Cu<Zn<Cd.  In this study, the pH 
at which 50% of copper was taken up by the surface of the 
iron precipitates ranged from about 5.0 to 5.5.  At pH>6, 
copper was essentially completely removed from solution.  
Khaodhiar et al. (2000) observed nearly identical pH-depen-
dent behavior for copper adsorption onto iron oxide coated 
sand grains.  Martínez and Motto (2000) determined the 
pH at which metal amended soils began to release cop-
per via an acid titration method.  Interestingly, they found 
that copper was released at about pH 5.5 ± 0.2 which is in 
good agreement with the adsorption studies, and further 
reinforces the notion of reversible sorption processes and 
potential copper mobility at low pH.

Redox Chemistry
Equilibrium between cupric and cuprous ions can be rep-
resented by the equation:

	 Cu2+ + e- = Cu+ 	 (log K = 2.72)

In natural systems the stable solid in very reducing condi-
tions is expected to be cuprous sulfide (Cu2S, chalcocite, 
see Figure 4.2).  As the Eh increases there is a narrow 
window in which cupric sulfide (CuS, covellite) becomes 
important.  Further increases in Eh can lead to the forma-
tion of elemental copper.  So in general the solubility and 
speciation of copper are determined by redox equilibria 
of sulfur and copper and the strength of available ligands.  
Experimental studies of Cu(I) complexation by chloride and 
bisulfide are presented in Xiao et al. (1998), Thompson and 
Helz (1994), Mosselmans et al. (1999), and Mountain and 
Seward (1999, 2003).  Luther et al. (2002) show that the 
reduction of Cu(II) to Cu(I) occurs in sulfidic solutions prior 
to the precipitation of copper sulfides.

Colloidal Transport 
Recent studies are consistent in demonstrating that copper 
in ground water is frequently associated with colloids that 
appear to be organic in nature (Sañudo-Wilhelmy et al., 
2002; Jensen et al., 1999; Freedman et al., 1996; Pauwels 
et al., 2002).  The association between metals and ground 
water colloids is evident both in uncontaminated ground-
water (e.g., Sañudo-Wilhelmy et al., 2002) and in con-
taminated landfill leachates and in ground water impacted 

by mining districts (e.g., Jensen et al., 1999; Pauwels et 
al., 2002).  Jensen et al. (1999) found that 86-95% of total 
copper in landfill leachate was associated with small-size 
colloidal matter and organic molecules.  They concluded 
that most metals, including copper, present in the colloidal 
forms would have been sampled in the dissolved fraction 
if the commonly employed filter size of 0.45 μm had been 
used, since only negligible amounts of metal were found 
with colloids >0.40 μm.  Pauwels et al. (2002) found that 
the mobility of copper in ground water impacted by the 
oxidative dissolution of massive sulfide deposits in the 
Iberian Pyrite Belt (Spain) was especially enhanced due 
to complexation with organic matter and/or adsorption onto 
colloids.  For example, measured concentrations of copper 
were 108 to 109 times greater than concentrations modeled 
assuming equilibrium with respect to sulfide minerals (e.g., 
chalcopyrite).

Site Characterization

Copper mobility in ground water and the risk of copper 
exposure to plants, animals, and/or humans is governed by 
the total concentration of copper, the distribution of copper 
species in water, and the nature of copper partitioning in the 
solid phase.  The development of site-conceptual models 
for predicting the long-term fate of copper at a contami-
nated site will require information on the distribution and 
concentration of copper in the aqueous phase and the solid 
phase.  Table 4.1 indicates possible natural attenuation and 
mobilization pathways for copper.

Quantitative measurement of copper concentrations in 
aqueous solutions is typically carried out using inductively 
coupled plasma optical emission spectroscopy (ICP-OES), 
inductively coupled plasma mass spectroscopy (ICP-MS), 
or atomic absorption spectroscopy (AAS).  Some of the 
unique features of determining copper concentrations in 
natural waters are discussed in Boyle (1980) and Sañudo-
Wilhelmy et al. (2002).  Input data to geochemical codes 
(e.g., MINTEQA2, PHREEQC, EQ3/6) for determining 
aqueous speciation also require, at a minimum, the con-
centrations of major anions, major cations, total organic 
carbon, temperature, and pH.  The total concentration of 
copper in soils, sediments, and aquifer materials may be 
determined by X-ray fluorescence (XRF) spectroscopy, or 
by chemical analysis after digestion in mineral acids.

While regulatory requirements stipulate that unfiltered 
ground-water samples be analyzed to support regula-
tory decisions at a contaminated site, it may be neces-
sary to also collect filtered samples to help interpret that 
process(es) controlling contaminant mobility.  The use of 
0.45 μm pore size filter paper is common as an arbitrary 
cutoff point to differentiate between dissolved and particu-
late phases in water samples.  However, caution is recom-
mended when using this approach, particularly for Fe and 
Al and other elements that may be associated with Fe or 
Al particles (including Cu) that could pass through 0.45 μm 
filter papers.  The use of filter papers with pore sizes less 
than 0.1 μm will generally provide a better assessment of 
the dissolved vs. particulate load of a ground water or a 
surface water sample.
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Hickey and Kittrick (1984) examined the chemical partition-
ing of copper in soils and sediments containing high levels 
of heavy metals using the selective extraction approach 
developed by Tessier et al. (1979).  In this study, copper 
was assigned to five operationally defined geochemical 
fractions: exchangeable, bound to carbonates, bound to 
Fe- and Mn-oxides, bound to organic matter, and residual.  
This study concluded that copper was the metal most 
significantly associated with organic matter.  Compared to 
other heavy metals considered in this study (nickel, and 
zinc), copper displayed a low potential for mobility and 
metal bioavailability (Hickey and Kittrick, 1984).

Long-Term Stability and Capacity

The stability of attenuated copper will largely depend on the 
fluctuation of site-specific geochemical conditions through 
time.  For example, if copper attenuation follows a copper 
hydroxycarbonate precipitation pathway, then long-term 
stability of attenuated copper will depend, in part, on the 
persistence of pH conditions.  If pH conditions were to shift 
significantly to more acidic values, copper might be expect-
ed to release from the solid phase.  It is therefore important 
to understand the attenuation mechanism(s) so that geo-
chemical triggers for remobilization can be anticipated and 
incorporated into evaluations of long-term monitoring data.  
For any proposed and identified attenuation mechanism, 
there will exist possible scenarios whereby remobilization 
can occur (i.e., changes in pH or Eh).  It will be essential to 
explore the likelihood of such changes in site geochemistry 
and the sensitivity of the attenuation pathway to changes 
in the prevailing geochemical conditions.

Quantifying the attenuation capacity (as defined in Volume 
1) will also necessitate an understanding of the specific 
attenuation pathway(s).  Attenuation capacity, for example, 
could be related to the extent that pH is buffered, the 
availability of sorptive sites in aquifer materials, or to the 
supply of electron donors needed to sustain microbially 

mediated redox conditions.  For any proposed attenuation 
mechanism, there will be assumptions built into capacity 
estimations, so that uncertainty analysis is recommended 
to support capacity calculations.

Tiered Analysis

Determination of the viability of copper remediation in 
ground water via monitored natural attenuation will depend 
upon proper assessment of contaminant loading to the 
aquifer and prevailing geochemistry and mineralogy within 
the contaminant plume and the down gradient zone prior 
to the point(s) of compliance.  MNA may not be appropri-
ate as a site remedy for copper contamination in acidic 
pH, highly oxidizing, and/or DOC-rich environments.  The 
goal of site assessment is to demonstrate the process(es) 
controlling copper sequestration onto aquifer solids and 
the long-term stability of solid phase copper as a function 
of existing and anticipated ground-water chemistry.  The 
following tiered analysis structure for site characterization 
provides an approach to evaluate candidate sites and de-
fine the potential limitations of MNA as part of a remedy 
for ground-water cleanup.

Tier I - Site characterization under Tier I will involve dem-
onstration that the plume is static or shrinking, has not 
reached compliance boundaries, and does not impact 
existing water supplies.  Once this is established through 
ground-water characterization, evidence is collected to 
demonstrate Cu partitioning to aquifer solids within the 
plume.  If natural attenuation processes are active through-
out the plume, then there should be an observed increase 
in solid phase concentrations within regions of the plume 
with higher aqueous concentrations, e.g., near the source 
term.  This field partitioning data may be supplemented 
by geochemical modeling that incorporates measured 
water chemistry (e.g., pH, Eh, and major ion chemistry) 
throughout the plume to assess the potential for solubility 
control by copper hydroxide, sulfate, carbonate, phosphate, 

Table 4.1  	Natural attenuation and mobilization pathways for copper.

Attenuation Processes Mobilization Processes Characterization Approach

Precipitation of insoluble hy-
droxycarbonates, carbonates, 
sulfides, and phosphates.  In 
general, pH>6 will drive pre-
cipitation reactions resulting in 
Cu concentrations below the 
MCL.

Dissolution of carbonates, hydroxy-
carbonates, and oxides at low pH; 
oxidative dissolution of sulfides 
at low pH and high Eh; complex-
ation/stabilization in the presence 
of DOC.

Evaluation of copper speciation in the aque-
ous phase.  Determination of total Cu in the 
solid matrix.  Evaluation of solid phase parti-
tioning using sequential extraction methodolo-
gies.  Evaluation of long-term sorption capac-
ity/stability.

Sorption to iron hydroxides, 
organic matter, carbonates, 
and sulfides. 

Desorption at low pH; complex-
ation/stabilization in the presence 
of DOC.  Reductive dissolution of 
iron hydroxides.

Evaluation of copper speciation in the aque-
ous phase.  Determination of total Cu in the 
solid matrix.  Evaluation of solid phase parti-
tioning using sequential extraction methodolo-
gies.  Batch and column testing to determine 
Cu uptake capacity of site-specific aquifer ma-
terials with variable geochemical conditions.
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or sulfide.  This provides justification for proceeding to Tier 
II characterization efforts.  

Tier II - Under Tier II, the apparent rate and mechanism(s) 
of attenuation are determined.  Estimates of a site attenu-
ation rate(s) can be assessed via a well transect along 
the ground-water flow path.  In addition, time-series data 
may be collected at one or more monitoring points within 
the plume.  This information will allow assessment of the 
relative timescales for contaminant immobilization and fluid 
transport and determination of whether remediation objec-
tives can be met within the required regulatory time frame.  
In addition, the mechanism(s) for attenuation need to be 
identified under this stage of site characterization.  This 
effort may require determination of the chemical speciation 
of aqueous and solid phase Cu, which may be approached 
according to the following scheme:

1)	 Determination of solution speciation via direct ana-
lytical measurements (e.g., Martinez et al., 2001; 
Sañudo-Wilhelmy et al., 2002) to aid differentiation 
of uncomplexed (i.e., Cu2+) and complexed (e.g., 
CuCl+, Cu-organic ligand complexes) forms of mo-
bile Cu in combination with speciation calculations 
based on characterized ground-water chemistry;

2)	 Calculation of the saturation state of ground water 
relative to measured aqueous chemistry compli-
mented by the possible isolation of discrete Cu 
mineral phases via density separations (or other 
schemes) in regions of the aquifer with highest 
solid phase concentrations;

3)	 Determination of aquifer mineralogy to determine 
the relative abundance of components with docu-
mented capacity for Cu sorption (e.g., Amonette, 
2002; Burton et al., 2005); and 

4)	 Determination of Cu-sediment associations via 
chemical extractions designed to target specific 
components within the aquifer sediment (e.g., Lee 
et al., 2005).

This compilation of information will facilitate identification 
of the reaction(s) leading to Cu immobilization within the 
plume.

Tier III - Once the partitioning mechanism(s) have been 
identified for the site, the subsequent characterization effort 
under Tier III will involve determination of the stability of 
immobilized Cu and the capacity of the aquifer to sustain 
continued uptake.  It is recommended that the stability of 
immobilized Cu be tested based on the anticipated evolution 
of ground-water chemistry concurrent with plume shrinkage.  
For example, changes in ground-water pH can exert a sig-
nificant influence on Cu adsorption or precipitate solubility.  
Therefore, it is recommended that sediment leach tests be 
conducted to characterize the magnitude of Cu mobilization 
as a function of pH for a ground-water chemistry representa-
tive of site conditions.  It is recommended that the capacity 
for Cu uptake onto aquifer solids be determined relative to 
the specific mechanism(s) identified in Tier II.  For example, 
if site characterization under Tier II indicated that precipita-

tion of Cu sulfide due to microbial degradation of organic 
compounds coupled with sulfate reduction occurs within the 
aquifer, then it is recommended that the mass distribution 
of organic carbon and sulfate to support this reaction within 
the aquifer be determined.  This site-specific capacity can 
then be compared to Cu mass loading within the plume 
in order to assess the longevity of the natural attenuation 
process.  If site-specific tests demonstrate the stability of 
immobilized Cu and sufficient capacity within the aquifer to 
sustain Cu attenuation, then the site characterization effort 
can progress to Tier IV.  For cases where contaminant stabil-
ity is sufficient but aquifer capacity is insufficient for capture 
of the entire plume, then a determination of the benefits of 
contaminant source reduction may be necessary.

Tier IV – Finally, under Tier IV a monitoring plan is estab-
lished along with contingency plans in the event of MNA 
failure.  It is recommended that the monitoring plan be 
designed to establish both continued plume stability and to 
identify changes in ground-water chemistry that may lead 
to re-mobilization of attenuated Cu.  The specific chemical 
parameters to be monitored will include those identified 
under Tier III that may halt Cu partitioning to aquifer sedi-
ments and/or result in solubilization of either discrete Cu 
precipitates or aquifer minerals that sequester Cu from 
ground water.  For example, solution phase parameters 
that could alter either Cu precipitation or adsorption in-
clude increases in soluble organic carbon or chloride in 
combination with changes in ground-water pH.  In contrast, 
the concentration of dissolved iron or sulfate may indicate 
the dissolution of an important sorptive phase within the 
aquifer (e.g., reductive dissolution of iron oxides or oxida-
tive dissolution of sulfides).  Changes in these parameters 
may occur prior to observed changes in solution Cu and, 
thus, serve as monitoring triggers for potential MNA failure.  
In this instance, a contingency plan can be implemented 
that incorporates interventive strategies to arrest possible 
plume expansion beyond compliance boundaries.  Possible 
strategies to prevent plume expansion include pump and 
treat operations, installation of reactive barriers to enhance 
uptake capacity perpendicular to the direction of plume 
advance, or enhancement of natural attenuation processes 
within the aquifer through the injection of soluble reactive 
components.
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